The Exxon Valdez oil spill occurred more than two decades ago, and the Prince William Sound ecosystem has essentially recovered. Nevertheless, discussion continues on whether or not localized effects persist on sea otters (Enhydra lutris) at northern Knight Island (NKI) and, if so, what are the associated attributable risks. A recent study estimated new rates of sea otter encounters with subsurface oil residues (SSOR) from the oil spill. We previously demonstrated that a potential pathway existed for exposures to polycyclic aromatic hydrocarbons (PAHs) and conducted a quantitative ecological risk assessment using an individual-based model that simulated this and other plausible exposure pathways. Here we quantitatively update the potential for this exposure pathway to constitute an ongoing risk to sea otters using the new estimates of SSOR encounters. Our conservative model predicted that the assimilated doses of PAHs to the 1-in-1000th most-exposed sea otters would remain 1-2 orders of magnitude below the chronic effects thresholds. We re-examine the baseline estimates, post-spill surveys, recovery status, and attributable risks for this subpopulation. We conclude that the new estimated frequencies of encountering SSOR do not constitute a plausible risk for sea otters at NKI and these sea otters have fully recovered from the oil spill.
INTRODUCTION
The Exxon Valdez oil spill (EVOS) occurred in Prince William Sound (PWS), Alaska, more than two decades ago, and the Sound's ecosystem has essentially recovered (Harwell and Gentile 2006; Integral Consulting 2006; Harwell et al. 2013) . Nevertheless, discussion continues on whether or not ongoing effects from the oil spill still occur on sea otters (Enhydra lutris) at northern Knight Island (NKI). One major reason for the lack of scientific consensus appears to be a misunderstanding or misapplication of concepts relating to the assessment of ecological risks, ecological recovery, and attributable risk.
Northern Knight Island is an area in western PWS that was initially heavily oiled by the 1989 spill ( Figure 1 ). The oil spill caused four primary stressors: (1) volatile organic compounds (VOCs), which dissipated very quickly but may have posed an early inhalation risk to marine mammals; (2) oiling, which caused most of the observed mortality to seabirds and sea otters through loss of thermoregulation in the cold PWS waters; the Exxon Valdez oil was largely eliminated from the water and shorelines by natural processes and clean-up activities in the initial months to few years after the spill (Neff et al. 1995; Boehm et al. 2011; Page et al. 2013) ; (3) polycyclic aromatic hydrocarbons (PAHs), the longer-term toxicity risk to exposed organisms; because essentially no bioavailable surface oil remains (Taylor and Reimer 2008) , at present the only source of EVOS-derived PAHs is in subsurface oil residues (SSOR) located in the intertidal zone (ITZ); (4) physical disturbances and human presence from clean-up activities, which lasted through summer 1991 (Harrison 1991; Mearns 1996) .
Sea otters are particularly vulnerable to the physical effects of oiling because of their dense fur and unusually high metabolic rate, and oiling may cause decreased buoyancy and hypothermia from loss of insulating capacity (Lipscomb et al. 1994) . They are also vulnerable to inhalation of VOCs and ingestion of oil-contaminated food, exacerbated by increased rates of grooming after oiling (Johnson and Garshelis 1995) . As a result, the total observed mortality of sea otters from EVOS, which occurred in the immediate aftermath of the spill, was about 1000, consisting of 871 found carcasses and 123 deaths in rehabilitation centers (Estes 1991; Loughlin et al. 1996) .
The year following EVOS, sea otters were largely absent from NKI; however, the initial post-spill survey, conducted in 1991, estimated ∼80 individuals at NKI (Garshelis and Johnson 2013b) . Bodkin et al. (2002) reported that the sea otter subpopulation at NKI remained essentially unchanged (∼75 individuals in their surveys) during the period of 1993-2001, whereas the overall PWS population increased during that same period. Thus they concluded that the sea otters at NKI experienced delayed recovery both because those NKI numbers were well below a pre-spill survey estimate and because the NKI subpopulation numbers remained steady and failed to increase similarly to the overall PWS population growth. Bodkin et al. (2002 Bodkin et al. ( , 2012 and Dean et al. (2002) attributed these putative effects to residual oil. Bodkin et al. (2012) presented new data on the frequency at which pits that are excavated by sea otters while foraging for infaunal prey (primarily clams) in the ITZ potentially could intersect SSOR. They concluded that this pathway constituted a logical explanation for the persistent NKI subpopulation effect. No current effects have been posited for sea otters elsewhere in the Sound, even though SSOR is not limited to Knight Island. The critical issue, however, is that demonstrating a pathway of potential exposure does not necessarily mean there is a significant risk. To conclude the existence of an ecological risk, there must also be sufficient assimilated doses from the exposure pathway, coupled with exceedance of a threshold of exposure that is demonstrated to cause chronic effects. In the case of this particular pathway, in which exposure occurs episodically, the resulting assimilated doses are a function of both the quantity of PAHs assimilated per SSOR encounter and the frequency of such encounters. Furthermore, assigning causality solely to EVOS-derived SSOR first requires a weight-of-evidence analysis of the potential risks that may be attributable to other natural and anthropogenic stressors. Finally, assessing the rate and extent of ecological recovery requires establishing an appropriate baseline condition, appropriate recovery objectives, and appropriate consideration of other natural and anthropogenic stressors impinging on the ecosystem.
Previously we presented a quantitative ecological risk assessment using a model that we developed to simulate this and other plausible pathways of PAH exposures to sea otters at NKI from EVOS (Harwell et al. 2010a ). Here we evaluate the risks to sea otters using the newly revised estimates of exposure frequencies, compare them to those of our original study, discuss implications for assessing attributable risks, and provide a discussion of the concepts of ecological recovery, with an analysis focused specifically on sea otter recovery at NKI.
QUANTITATIVE RISK ASSESSMENT MODEL
The quantitative model that we, with colleagues, previously developed to predict exposures of PAHs to sea otters (Harwell et al. 2010a ) is an individual-based model (IBM; DeAngelis and Gross 1992) designed to mimic the real-world by simulating a large number of individuals, each performing its routine activities on an hourly basis, parameterized using empirical databases on sea otters and the physical/chemical characteristics of the PWS environment in which they live. Because IBMs can explicitly present differing exposure regimes from one individual to another, or one day to another, just as an individual sea otter might experience the natural heterogeneity of exposures encountered in the real world, this class of models is ideal for assessing toxicological risks both to individuals and to populations (Munns et al. 2008) .
The model's characteristics, sources of data, and results for the base model and the initial set of sensitivity analysis scenarios are presented in Harwell et al. (2010a) . Briefly, our IBM simulates all plausible pathways for PAH exposures in the Sound (Figure 2 ), where sea otters feed primarily on epibenthic invertebrates like mussels or on infauna excavated from sediments, primarily clams (Calkins 1978; Doroff and Bodkin 1994; Johnson and Garshelis 1995; Dean et al. 2002; Harwell et al. 2012; Wolf et al. 2012) . The sea otter's diet in the ITZ of the oil-affected part of the Sound is ∼50% clams (infauna) and 40% mussels (epifauna), whereas the subtidal zone (STZ) diet is ∼75% clams (Harwell et al. 2010a; Wolf et al. 2012) . To collect clams, a sea otter excavates a pit by digging several centimeters into the sediments until clams are encountered (Shimek and Monk 1977; Calkins 1978; Hines and Loughlin 1980; Kvitek et al. 1988) . One to several clams may be collected from a single pit during one or multiple dives, but consumption occurs at the water surface. Sea otters do not feed on shore, so foraging in the ITZ occurs only at the high part of the tidal cycle, when the benthos is underwater. Clams in PWS are restricted to the STZ and the lower ITZ, primarily ≤ +0.5 m relative to mean lower low water (MLLW) (Paul and Feder 1973; Nickerson 1977; Dean et al. 2002) , which is also where the sea otter pits were found in surveys conducted at NKI by Boehm et al. (2007) and Bodkin et al. (2012) . Thus, a potentially important pathway for PAH exposure occurs when a sea otter inadvertently intersects SSOR when foraging for infauna. Essentially no STZ deposits of Exxon Valdez oil have been reported since shortly after the spill (O'Clair et al. 1996; Taylor and Reimer 2008) . However, SSOR has been found in the ITZ under a 15-25 cm-thick layer of clean sediments, which in turn were located under a surface covering of stable armor composed of coarse gravel, cobble, and boulders (Hayes and Michel 1999; Taylor and Reimer 2008; Hayes et al. 2010 ). Short et al. (2006) reported that about 12% of SSOR occurred in the lower ITZ (i.e., the portion of the ITZ where virtually all sea otter foraging occurs), with the remaining 88% at the higher elevations in the ITZ and thus essentially not available for sea otter encounters. Moreover, SSOR rarely occurred in unarmored, finer-grained sediments (Taylor and Reimer 2008) , which is the primary clam habitat in PWS.
The probability of a sea otter digging a pit that intersects SSOR is determined by the distribution of SSOR patches and clam habitat (i.e., their co-occurrence) as well as the number of pits excavated per sea otter per day in the ITZ. In our base model, the probability of a sea otter pit intersecting SSOR was modeled implicitly through the hourly activities of each individual. By the end of each 1-h time step, if a sea otter dug a pit that intersected SSOR, then the model assigned the quantity of each of 40 PAH analytes assimilated from each exposure pathway parameterized using SSOR samples from oiled areas of PWS. The other non-SSOR-intersecting pathways of PAH exposures for sea otters in oiled or unoiled areas also were modeled using PAH concentrations measured in their respective areas (e.g., in sediments and the tissues of various prey species).
To assess exposure variability from each pathway and each scenario, including the periodic but infrequent encounters with SSOR, the model simulated chronic doses to 500,000 sea otters by randomly assigning a specific value for each stochastic parameter in each simulation hour, sampled from empirically based lognormal data distributions. Many sensitivity analyses scenarios were conducted to explore alternative model parameters and model structures. Altogether, >1 billion sea otterhours were simulated to capture the variability in environmental, SSOR, and sea otter characteristics. In this way, the simulated population captured the full range of plausible exposures to PAHs that could occur to sea otters at NKI. These analyses demonstrated that physically contacting SSOR was the dominant exposure pathway of PAHs to sea otters in oiled areas.
To provide highly conservative estimates of potential effects, we rank-ordered the assimilated doses from each scenario and focused on the 99.9% quantile sea otters (the 1-in-1000th most-exposed individuals, i.e., those in the upper 0.1% of the exposure distributions) for effects assessments; these are the sea otters in the stochastic model who just happened to have the most SSOR encounters at the highest PAH concentrations. Other quantiles were also calculated, allowing inferences about population-level effects (Harwell et al. 2012) .
The effects component of the risk assessment (also described in detail in Harwell et al. 2010a ) was based on deriving appropriate chronic toxicity reference values (TRVs) for PAH exposures to sea otters following a standard U.S. Environmental Protection Agency (USEPA)-approved methodology using data from the USEPA Eco-SSL toxicity database (USEPA 2005 (USEPA , 2007 . The TRV is defined as the dose from chronic exposures above which ecologically relevant effects might occur to wildlife species and below which it is reasonably expected that such effects would not occur (USEPA 2005) . We extracted the no-observed-adverse-effects (NOAEL) and lowestobserved-adverse-effects (LOAEL) levels from each of 42 selected toxicity studies, using the population-relevant endpoints of mortality, growth, or reproductive effects. From these, we derived conservative TRVs using the geometric 95% lower confidence levels across the toxicity studies. Geometric statistics are used in USEPA guidance to better represent the distribution of toxicity data across experiments and species. The geometric 95% lower CL is often used in ecological risk assessments to address interspecies sensitivity differences for untested species (see for instance the USEPA-issued guidance for establishing water quality criteria [Stephan et al. 1985] and sediment quality criteria [USEPA 1993]) , rather than applying safety factors, as is commonly done in human health risk assessments. TRVs were established separately for 2-3 ring PAHs, 4-6 ring PAHs, and total PAHs (TPAH), following USEPA (2007) guidance. In general, the risks from 4-6 ring PAHs were consistently the highest.
The assimilated doses from our base model (i.e., the version of the model with the best-estimate values or the best-estimate lognormal distributions for each parameter) to the 99.9% quantile sea otters were ∼30 to 125 times lower than the NOAEL TRV threshold, and ∼75 to 310 times lower than the LOAEL threshold (the range varying across the seven modeled sea otter classes) (Harwell et al. 2010a) . None of the sensitivity analyses came within an order-of-magnitude of causing an effect on even the single-most-exposed individual out of the entire simulated population of 500,000 individuals (i.e., the 99.9998% quantile). Harwell et al. (2010a) concluded therefore that there was no plausible risk to any individual sea otter at northern Knight Island from Exxon Valdez oil residues. Bodkin et al.'s (2012) estimates of the frequency that a sea otter would encounter SSOR were based on newly reported field studies in which they surgically implanted time-depth recorders in 30 sea otters that were captured in the vicinity of NKI Using observational data collected simultaneously with a subset of the recorded dives, the authors developed a regression model to categorize dives as foraging or non-foraging; derived estimates of the depth of each foraging dive based on tidal elevation at the time of the dive (with a stated allowable surface error of 0.5 m); categorized dives as subtidal (which they defined as >1.5 m below MLLW) or intertidal (which they defined as ≤1.5 m below MLLW); and for the latter, assigned the dive to one of the intertidal depth zones following Short et al. (2006) . During summer 2008, they surveyed soft-sediment beaches for evidence of sea otter foraging in the ITZ (i.e., remnant pits) and for presence of clams through shell remains. Based on these diving data and the Short et al. (2006) estimated frequency of a random sea otter pit encountering SSOR (0.0037 pit -1 ), Bodkin et al. (2012) calculated the rates of sea otters encountering SSOR in the NKI environment: 10 yr -1 for females (range 2-24; n = 15) and 4 yr -1 for males (range listed both as 2-4 and 2-5; n = 4). By comparison the estimates from our base model were about 2-7 yr -1 , depending on the sea otter age-gender class (Harwell et al. 2010a (Harwell et al. , 2012 . Consequently, the Bodkin et al. (2012) estimates of the frequency of sea otter encounters with SSOR comport with our previously published estimates, in which the dive frequency data were derived from the observational database of our co-authors (Garshelis and Johnson) involving more than 3000 dives in PWS. (Note, however, that because the Short et al. [2006] calculations were based on the incorrect assumption that sea otters forage equally throughout the ITZ, instead of only in the lower intertidal zone, the Bodkin et al. [2010] SSOR encounter probabilities are overestimated by a factor of ∼8x.) Bodkin et al. (2012) concluded that this pathway constitutes a "logical explanation" for delayed recovery of the NKI subpopulation. However, to understand the potential ecological effects of this exposure pathway and their implications, a quantitative risk assessment is required. Simply identifying a potential pathway and quantifying the frequency at which that pathway occurs are insufficient, by themselves, to assess the risks of adverse ecological effects. Consequently, we updated our quantitative individual-based model to predict exposures from the SSOR-encounter pathway at the rates of occurrence estimated by Bodkin et al. (2012) , compared the assimilated doses to the TRVs, and assessed the expected effects on individuals and the subpopulation.
RISK ASSESSMENT USING THE BODKIN ET AL. (2012) SCENARIO
For the exposure assessment, we used a structurally modified model that bypasses all probabilistic algorithms for determining whether an SSOR-intersecting pit was dug by a sea otter (described in Harwell et al. 2010a) . Instead, the modified model forces one SSOR-intersecting pit to occur per day while keeping all other stochastic processes unchanged. Because the TRVs and modeled assimilated doses are for chronic exposures averaged over time (measured as units of mg PAH · kg −1 sea otter weight · day −1 ), they are linearly scalable in this modified model (e.g., twice as many SSOR encounters per unit of time results in a doubled assimilated dose). This allows us to scale the one-pit-per-day outcomes to reflect any specified frequency of encountering SSOR while maintaining the other sources of variability in the assimilated doses. In that manner we estimated the hazard quotients (HQ; the ratio of assimilated dose to TRV) for adult male and female sea otters at the mean, minimum, and maximum values of SSOR-encounter frequencies of Bodkin et al. (2012) . Because the resulting HQs were so low, we also assessed how many SSOR encounters would be required to cause an effect by artificially increasing the SSOR-encounter rate until the toxicity thresholds were reached (i.e., HQ = 1). Finally, we examined other quantiles in order to evaluate the SSORencounter rate that would be needed to cause subpopulation-level effects on the sea otters at NKI.
In addition to assessing sea otters' diving frequencies, Bodkin et al. (2012) reported TPAH levels in sediments collected in 2008 from below sea otter pits at four beach segments on oiled sites. Of the 41 samples collected, 18 (44%) had TPAH values exceeding background (listed as 17 ppb). Of those 18 samples, the geometric mean TPAH value was 136 ppb, range 19-56,568 (Table 4 of Bodkin et al. 2012) . By comparison, the SSOR sediment PAH data used in our base model were much higher, with geometric means of 34,265 ppb (range 6595-137,950) for heavy oil residues (HOR), 3027 ppb (range 414-28,280) for medium oil residues (MOR), 1195 ppb (range 345-4868) for light oil residues (LOR), 260 ppb (range 44-654) for visible oil film, and 81 ppb (range 12-504) for sediments with no observable oiling (based on the Short et al. [2006] oiling level classification scheme for SSOR). Moreover: (1) our model sampled randomly from the lognormal distribution derived from the sample data for each oiling category for each SSOR patch encountered for each time step; (2) the relative frequencies of oiling levels in SSOR (HOR 8.3%; MOR 33.3%, LOR 31.7%, and oil-film trace 26.7%) were set in the model as measured by Short et al. (2006) ; (3) 500,000 sea otters were simulated for each scenario; (4) our results were based on the 99.9% quantile most-exposed sea otters. Thus, we can conclude that the SSOR sources encountered by sea otters in our base model were several orders-of-magnitude higher than in the Bodkin et al. (2012) sediment samples. Consequently, the results discussed below are very conservative compared to the results we would have derived had we used the Bodkin et al. (2012) sediment TPAH data.
RESULTS AND DISCUSSION
The results under the Bodkin et al. (2012) mean rates of SSOR-encounters (Table 1) reflect. a lower risk of adverse effects by a factor of ∼3.5x for males and ∼1.4-2.5x for females than predicted by our base model. These results also indicate a lower risk than the sensitivity analysis conducted using the sea otters' diving parameters of Ballachey and Bodkin (2006) by factors of ∼3.3x for males and ∼1.4x for females. Since our base model's results already indicated no plausible effects for individuals from SSOR-derived PAHs, the results using the new Bodkin et al. (2012) data reinforce the implausibility of adverse effects.
These differences are illustrated in Figure 3 . At the maximum rate of SSOR encounters estimated by Bodkin et al. (2012) for female sea otters (24 encounters · yr -1 ), the 99.9% quantile NOAEL HQs overlap our base model's predictions for both males and females. At lower SSOR encounter rates, the Bodkin et al. (2012) HQs are commensurately lower, so that in all cases, the values are at least two orders-ofmagnitude below thresholds of effects. This means that the seasonality issue raised by Bodkin et al. (2012, p. 282 ; that higher values of SSOR encounters were predicted to occur in spring, and that estimates of exposure that do not account for this seasonality can produce biased estimates of risk) does not actually affect the overall risk conclusion.
Another way to understand these results is to calculate the degree to which these assimilated doses are below the toxicity thresholds. At the mean rates of SSOR encounters calculated by Bodkin et al. (2012) , exposures for the 99.9% quantile adult females are ∼150-900× lower than NOAEL toxicity thresholds and ∼400-1800× lower than LOAEL toxicity thresholds (varying across PAH class); for males the values are more than ∼400-2600× and ∼1100-5300× lower, respectively. Thus, to cause effects on the most-exposed individuals, it would require assimilated doses that are hundreds to thousands of times above those that would result from the rates of SSOR encounters estimated by Bodkin et al. (2012) .
Similarly, Harwell et al. (2012) assessed how many SSOR encounters per unit of time would be required to reach toxicity thresholds for an individual. Results showed ( Table 1) that it would take ∼4 and 10 pits intersecting SSOR per day, occurring continuously for many months, for NOAEL and LOAEL TRV levels, respectively, to be reached for the 99.9% quantile sea otters. This means that four SSOR encounters per day would not be expected to cause effects for even the individuals with the highest PAH exposures, but 10 such daily encounters would be, so the actual effects threshold is somewhere in between those rates (a still higher rate would be needed to cause effects on the median-exposed sea otters). This effects threshold rate contrasts with our base model's predictions showing that one SSOR-intersecting pit would Table 1 . Hazard quotients for sea otters encountering SSOR. (A) HQs are reported for the 99.9% quantile adult male and female sea otters based on IBM simulations of 500,000 individuals in each gender class at the respective minimum, mean, and maximum encounter frequencies estimated by Bodkin et al. (2012) . HQs were separately derived for the assimilated doses of 2-3-ring PAHs, 4-6-ring PAHs, and TPAH. Results from sensitivity analysis using sea otter diving parameters from Ballachey and Bodkin (2006).
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Results from modified model that forces one SSOR-intersecting pit per day throughout simulations; data from Harwell et al. (2012) ; sensitivity analysis conducted only on highest risk value (i.e., using 4-6-ring PAH NOAEL TRV).
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Number of SSOR-intersecting pits per day required to reach HQ=1 level (i.e., assimilated dose = TRV value); data from Harwell et al. (2012) .
Figure 3.
Hazard quotients versus number of SSOR encounters per day. HQ values are for simulations of 500,000 adult female sea otters exposed to 4-6-ring PAHs through encounters with SSOR. (HQ values are not shown here but were lower for both 2-3-ring PAHs and TPAH.) The horizontal red line shows the chronic effects threshold (i.e., HQ = 1), above which effects would be expected and below which no effects would be expected. NOAEL and LOAEL HQ values are shown for three selected quantiles (99.9%, 99%, and 95%); actual effects would be expected to occur between the NOAEL and LOAEL TRV values. Selected rates of encountering SSOR are shown, including the minimum, mean, and maximum rates predicted by Bodkin et al. (2012) and the probabilities of encountering SSOR predicted by the Harwell et al. (2010a) base model. Also shown is the range of SSOR encounters per day that would be required in order to cause effects for 4% of the population (i.e., the 96% quantile). (Color figure available online.) occur, on average, about once every 50 to 180 days, depending on the sea otter class (Harwell et al. 2012) . This illustrates just how far below any plausible effects the SSOR-encountering rates estimated by Bodkin et al. (2012) (4-10 times · yr -1 versus 4-10 times · day -1 ) actually are. Additionally, the data in Bodkin et al. (2012) indicate that the average number of foraging pits excavated per day in the ITZ was 44 for females and 11 for males. This suggests that to reach the 4-10 SSOR encounters per day required to cause effects Quantifying Risks to Sea Otters for the most-exposed female sea otters, about 10-25% of the pits dug every day need to intersect SSOR (i.e., about 10-25% of the surface area of the foraging intertidal zone needs to contain SSOR); the comparable numbers for males are ∼35-90%. But Short et al. (2006) estimated the probability of randomly encountering SSOR throughout the ITZ was 0.37% (the rate would be about 0.043% in the lower ITZ where sea otter foraging actually occurs [Harwell et al. 2010a] ), based on the NOAA survey for presence of subsurface oil residues in 2003. Thus, for effects to occur, the areal coverage would have had to have been ∼100-1000× higher than seen in the 2003 survey, now a decade ago; that extent of coverage likely occurred only in the early period after the oil spill.
In addition to the 99.9% quantile, we examined two other quantiles of exposures, 99% and 95% (Figure 3 ). Lower quantiles have the effect of moving the risk curve to the right (i.e., increasing the number of SSOR encounters necessary to cause effects). Of particular relevance is the 96% quantile (i.e., the exposure at which the assimilated doses to 4% of the population would exceed effects thresholds): A rationale provided by Bodkin et al. (2002) in concluding that the NKI subpopulation of sea otters continued to experience effects was their data showing essentially constant numbers (∼75 individuals) over an 8-yr period (1993) (1994) (1995) (1996) (1997) (1998) (1999) (2000) , during which time they estimated the overall western PWS population increased at the rate of about 4% yr -1
. That translates into a net absence of ∼3 additional sea otters per year at NKI if that subpopulation were growing at the same rate as the total population in the Sound. Based on our estimated 96% quantile results (shown in Figure 3 ), we predict that it would require ∼20 SSOR-intersecting pits per day for each sea otter at NKI, occurring continuously over a period of weeks to months, for such a net loss to result from SSOR toxicity, a rate that far exceeds the estimated frequencies of 4-10 times per year of Bodkin et al. (2012) . Thus, if there is an effect, it must be attributable to natural or anthropogenic stressors other than PAHs in residual Exxon Valdez oil.
Attributable Risk
Assessing and attributing risks to one of the many natural and anthropogenic stressors operating in a complex, highly dynamic environment like PWS are challenging (Harwell et al. 2010b) . Of particular importance is establishment of a plausible causal relationship between each stressor and its effects on the valued ecological attribute, and then identifying the stressor(s) most likely to be causing observed effects (Suter et al. 2002; Suter 2007; USEPA 2010) . One approach is to evaluate all the available evidence in a consistent manner using Hill's (1965) criteria, as adapted for ecological issues (Fox 1991; Beyers 1998) . USEPA has incorporated this approach into its site-specific Causal Analysis/Diagnosis Decision Information System (CADDIS) (Suter et al. 2002; USEPA 2010) , which provides a consistent and transparent framework for determining in a multi-stressor situation which of the candidate stressors has the most plausible causal association that is supported by the available information. This strength-of-evidence approach uses laboratory and field evidence to assess these causal characteristics: (1) co-occurrence-an effect occurs only where and when its cause occurs; (2) sufficiency-the causal factor should be of sufficient magnitude (e.g., intensity, frequency, duration) to produce the observed effect; (3) temporality-a cause must precede its putative effect; (4) coherence-the relationship between cause and effect must be consistent with scientific knowledge and theory (Suter 2007) . The critical next step is to apply abductive inference for identifying which causal hypothesis best explains the available information (Josephson and Josephson 1996; Hacking 2001) . Bodkin et al. (2012) stated that since they established a potential pathway for SSOR exposure to sea otters, that pathway is a logical explanation for purported subpopulation effects, but this both erroneously equates exposure with risk (contrary to the USEPA [1992, 1998 ] definition of ecological risk) and erroneously presumes that Exxon Valdez oil-derived PAH toxicity is the sole causal factor to consider. To the contrary, many other stressors exist in Prince William Sound. In such circumstances, it is appropriate to apply the formal USEPA (2010) approach for assessing attributable risk in a multi-stressor environment.
Using conceptual models of the PWS-Gulf of Alaska ecosystem, in conjunction with ranking and causal analysis, Harwell et al. (2010b) demonstrated that stressors associated with natural processes truly dominate and shape this ecosystem, especially climatic and oceanographic variability (Minobe 1997; Hare and Mantua 2000; Mundy and Olsson 2002; Stabeno et al. 2004) . Moreover, climatic and oceanographic variabilities in the northern Pacific periodically combine to cause climate regime shifts. In particular, the climate regime shifts that have occurred over the past few decades have caused major variability in the abundance of forage fish, which has cascaded through the ecosystem, causing effects on the marine mammals and sea birds that depend on them (Mantua et al. 1997; Peterson and Schwing 2003; Trites et al. 2007; Overland et al. 2008; Estes et al. 2009 ). Thus, we found that whereas immediately after Exxon Valdez, the oil spill-related stressors rose to the level of critical importance to the ecosystem, over time the long-term spill-related stressors have become trivial in comparison to natural processes.
As an example of the ecological importance of climate-ocean processes as a driver of ecosystem change in the region, the coastal Alaska sea otter population west of, but not including, PWS recently was listed as threatened by the U.S. Fish and Wildlife Service (USFWS 2005) . This classification was because of dramatic declines in abundance by 55-67% (and >90% in some areas) since the mid-1980s, which USFWS (2005 USFWS ( , 2010 and Estes et al. (1998) attributed to increased predation by transient killer whales (Orcinus orca). This apparently was driven by the cascading effects of climate regime shifts, exacerbated by overfishing, in which major changes in plankton populations caused large declines in foraging fish, which caused the collapse of the Steller sea lion (Eumetopias jubatus) and harbor seal (Phoca vitulina) populations, which in turn forced the transient killer whales to shift their prey base to increased reliance on sea otters (NRC 2003) . A single killer whale could readily consume the presumed missing annual quota of three additional sea otters at NKI in just one feeding bout (Williams et al. 2004) . Supporting this potential mechanism, predation by transient killer whales on sea otters in the vicinity of NKI has been reported in the literature (Hatfield et al. 1998), and Vos et al. (2006) found five dead sea otters in the stomach of a dead killer whale in Latouche Passage, just south of Knight Island.
Hypotheses of effects on local sea otter numbers from other potential stressors, both natural and anthropogenic, could also be envisioned, such as subsistence harvesting (e.g ., 5 to 10% of the Knight Island sea otter population was legally harvested by Alaskan Natives in 2000 and 2003; Garshelis and Johnson 2013a,b) . Perhaps even the extraordinarily intense studies of sea otters at NKI over the past two decades, as documented in many Trustee 1 -sponsored publications (http://www.evostc.state.ak.us), might have encouraged a few sea otters to seek another place to live (e.g ., sea otters tend to leave areas with high boat traffic; Garshelis and Garshelis [1984] ). Other potential causal factors have been listed elsewhere (Garshelis and Johnson 2013a,b) . In any case, natural oceanic and climatic processes are the key drivers of the structure and function of the PWS ecosystem and, through species interactions and associated cascading effects, ultimately control the upper trophic-level constituents like sea otters (Harwell et al. 2010b; Estes et al. 2013) . Consequently, these natural processes are much more important than merely very low level exposure to residual PAHs that occur in mostly inaccessible, buried deposits of oil residues, which in turn are located almost solely where sea otters do not dig for clams, from an oil spill that happened more than two decades previously. We do not claim that any one of these other causal factors necessarily caused persistent effects on the NKI subpopulation, if indeed any such effects occurred. However, we do assert that PAH toxicity from SSOR could not be the responsible agent, as it fails the sufficiency criterion.
Recovery of Sea Otters from the Oil Spill
Separate from the issue of whether or not the SSOR could cause effects is determining whether or not effects actually persist (i.e., the recovery status of the sea otters). The Natural Resources Damage Assessment (NRDA) regulations, derived from CERCLA (1980) , and the Oil Pollution Act of 1990 (OPA 90) regulations (NOAA 1996 (NOAA , 2010 define ecological recovery as a return of injured resources and services to baseline, which is defined as the condition that would have existed had no spill occurred, taking into account natural variability and other ecosystem changes in the interim. But this regulatory definition leaves unresolved such critical issues as: What constitutes baseline? Which ecological attributes should be monitored to assess recovery, and which should not? How should recovery objectives be defined for each attribute? How does recovery relate to natural variability and to other non-spill-related stressors?
Inappropriate recovery objectives
The recovery status of some injured resources from the Exxon Valdez oil spill, including sea otters, is muddled by the specific recovery objectives that were developed by the Exxon Valdez Oil Spill Trustee Council. The Trustees (2010, p. 33) hydrocarbon exposure in otters in the oiled areas are similar to those in otters in unoiled areas" [italics added]. The first half of that definition clearly follows the NRDA regulations (although they seem to have ignored the part about natural variability and ecosystem changes), but the second does not: in ecological risk terminology, recovery under the NRDA and OPA 90 regulations is strictly an effects issue (i.e., condition). Recovery relates to exposure only insofar as stressors from the oil spill continued to occur at sufficient magnitude and duration to cause persistent effects, and merely observing changes in a biochemical indicator of exposure does not demonstrate biologically significant effects, even if the indicator were specific to the stressor.
The Trustees (2010) further compounded the issue by focusing their recovery status evaluations on a particular biochemical marker (CYP1A) that is not diagnostic of petrogenic hydrocarbons, let alone specific to PAHs from Exxon Valdez oil. Rather, CYP1A is a general indicator of cytochrome P450 induction, that is, activation of a system designed to detoxify a broad diversity of chemical agents (Lewis 2001) . For example, CYP1A is also induced by PCBs, pyrogenic PAHs, and diesel oil, all of which are present in PWS. In fact, this generic detoxification system developed so early in the evolutionary process that it occurs in virtually all plant and animal life forms (Lewis 2001) . Moreover, because the cytochrome P450 induction system is designed specifically to detoxify (i.e., eliminate the toxic chemical from the organism and thereby prevent effects on the individual), it is logical that CYP1A would be manifested at PAH levels below what would actually cause the loss of a sea otter or cause adverse effects on a subpopulation. Consequently, induction of CYP1A only means that the detoxification process is underway, not that it has failed to prevent effects. (For a more comprehensive discussion of limitations in the use of CYP1A as a biomarker for oil spills, see Oris and Roberts [2013] .)
An additional problem with the Trustees' definition is that under a "no longer exposed" criterion, recovery could never be attained, whether from Exxon Valdez or any other source of hydrocarbons in the Sound. For example, PAHs still remain in PWS sediments from the heavy Monterey fuel oil that was released in the Great Alaska Earthquake of 1964 and from toxic chemicals related to a cannery that closed a century ago (NRC 1971; Kvenvolden et al. 1993; Page et al. 1999; Wooley 2002) . Those PAHs may well be limited to localized patches, and their concentrations are likely far too low to pose any ecological risk, but, nevertheless, exposures continue to exist from background levels of PAHs, so by that definition, recovery has not been attained and never will be.
Ecological risk-based recovery assessment
We propose to step back from the narrow definition of recovery provided by the Trustees to examine the broader ecological context of recovery. In its theoretical foundations, ecological recovery is one facet of the concept of ecosystem stability (i.e., resilience), defined as whether or not, and how rapidly, an ecosystem returns to some pre-disturbance condition once the stressor is removed. Initially this was explored through analyses of model ecosystems, using eigenvalues and eigenvectors to characterize asymptotic post-perturbation responses of linear or linearized models (e.g., May 1974; Harte 1979 ). This approach is derived from stability analyses of engineering or economics systems using deterministic responses within a range of linearity, that is, sufficiently small displacements from steady-state to be tractable analytically (e.g., Bhatia and Szego 1970; Hadar 1971) . Thus important issues of nonlinearities, thresholds of effects, non-steady-state dynamics, differential responses across ecosystem attributes, spatial and temporal variability, and regime shifts were all essentially ignored. Unfortunately, these simplifications missed much of the essence of recovery in real-world ecosystems, including Prince William Sound following the oil spill. They have served to reinforce the misperception that ecosystems have steady-state, balance-of-nature endpoints, and that recovery consists of return to a precise, deterministic pre-perturbation state, exactly where the system was before the stressor. This misperception has had unfortunate implications for assessing ecological recovery, as illustrated in the present case (see also Parker and Wiens 2005) .
By contrast, we propose a risk-based approach that is more ecologically relevant and practical, focused less on analytical elegance and more on assessing ecological recovery in a complex and changing ecosystem. In this approach, each selected valued ecological attribute (such as sea otters) is considered not just in comparison to an estimate of its pre-spill numbers, but also in context of its history and dynamics, the other stressors impinging on the attribute, and the natural variability and dynamical changes occurring in the ecosystem over time. Attaining recovery involves both facets of risk: (1) each stressor from the spill has diminished to levels that are insufficient to cause continuing or additional effects, and (2) effects that are attributable to the oil spill are no longer ecologically significant (Gentile and Harwell 1998) . Importantly, this risk-based approach remains faithful to the NRDA and OPA-90 regulatory definitions of recovery.
Thus, the issues of baseline and scale (particularly heterogeneity across space and time) are critical to assessing recovery. In the case of coastal Alaska sea otters, the population was rapidly increasing and expanding over the decades prior to EVOS, still recovering from its near-extinction until protected by the International Fur Seal Treaty (Doroff et al. 2003) in the early 20th century. As a result, many areas, including parts of PWS, may not have been at carrying capacity at the time of the spill, meaning that the baseline was not static, with a single value, but in the process of continual dynamic change over time. The sea otter population initially expanded into western PWS in the 1960s, reaching Knight Island by 1970, and continuing on through eastern PWS thereafter (Johnson and Garshelis 1995) . Consequently, the baseline at the time of the spill may have varied considerably across different areas within the Sound. Moreover, the sea otter population may have been significantly impacted by the Great Alaska Earthquake of 1964 (NRC 1971) , which centered remarkably close to where the Exxon Valdez grounded (Figure 1 ) and which essentially destroyed the ITZ through vertical displacements exceeding 10 m in many areas of the Sound (Stanley 1968) .
Once mortality in the immediate aftermath of the oil spill ended, the sea otter numbers increased in western PWS, doubling from about 2000 in 1993 to about 4000 in 2009 (Bodkin et al. 2011) . At least at this scale, there do not appear to be long-term population-level effects compared to the expected baseline conditions in the absence of the oil spill. However, at the smaller scale of the localized area of northern Knight Island, which has a subpopulation that represents but a small fraction of the western PWS sea otter population (<3% in the most-recent survey numbers [Bodkin et al. 2011] ), uncertainties in baseline and carrying capacity become increased impediments to assessing recovery.
This phenomenon is further exacerbated if the value used as the baseline is unreliable in the first place. Unfortunately, there are problems with both of the baseline pre-spill NKI subpopulation estimates derived by Dean et al. (2000) that were used to assert that recovery has been delayed Bodkin et al. 2002 Bodkin et al. , 2012 . One estimate, 165, was the number of sea otter casualties in the area immediately after the spill, either as carcasses collected or as captured injured individuals who died in rehabilitation centers, and the other estimate, 237, was based on the only published pre-spill survey of sea otters in PWS (Pitcher 1975) .
There are two issues with the immediate post-spill casualty estimates, either of which could have resulted in a significant over-estimation of the actual NKI population at the time of the spill. First, as Johnson (2001, 2013a,b) have noted, both the prevailing currents and a large storm with strong northerly winds not long after the spill pushed the oil towards Knight Island (Galt and Peyton 1990) , causing particularly heavy oiling on NKI even though it was much further from the spill site than many shorelines receiving little or no oiling (Figure 1) . Thus, heavily oiled sea otters could also have been swept up by the advancing oil from a large area and pushed toward NKI, thereby increasing the numbers deposited there beyond just local mortalities, resulting in an inflated pre-spill subpopulation estimate. The other issue with the casualty estimate is the bias in "sampling" methods, in which widespread mortality of individuals in an area could indicate many more individuals than would be directly observed by helicopter surveys (the basis of the post-spill surveys).
In deriving the second estimate (237 sea otters), Dean et al. (2000, p. 282) stated, "The pre-spill estimate of sea otter abundance is based on data from a sound-wide aerial census conducted in June 1973 (Pitcher 1975) . We estimated abundance within our study areas by taking subsets of the census data corresponding to these areas." Details of the specific subsets selected were not provided. Unfortunately, the only way that we can reproduce exactly the 237 count from the Pitcher (1975) data is by including a significantly larger area than was used for Dean et al.'s (2000) post-spill survey (Figure 4) .
The aerial-based Pitcher (1975) survey was conducted by the State of Alaska in 1973-1974 in anticipation of operations of the Trans-Alaska Pipeline explicitly in order to have a baseline estimate of the abundance and distribution of sea otters in PWS in case of oil spills. If one uses the Pitcher (1975) subsets that strictly correspond to the same area surveyed by Dean et al. (2000) and all the subsequent surveys reported in Bodkin et al. (2011) , the pre-spill count is 105 (Figure 4) .
The only other pre-Exxon Valdez oil spill survey of sea otters in PWS was conducted by the USFWS in 1984-1985 to explore colony relationships with habitat and to update information on sea otters' abundance and distribution (Irons et al. 1988) . That document only reports the total sea otter counts for the Knight-Eleanor Island group; however, using the original data from the Irons et al. (1988) survey, Garshelis and Johnson (2013b) derived the estimate for northern Knight Island of 58 sea otters. Pitcher (1975) . The thick lines delineate the segments totaling a count of 237 sea otters, the value reported in Dean et al. (2000) as a pre-spill baseline count for NKI. The dotted lines delineate the area reported for all post-spill surveys by Dean et al. (2002) , Bodkin et al. (2011) , and Garshelis and Johnson (2013b) . The Pitcher (1975) survey within the dotted lines totaled 105 sea otters, one of the best-available pre-spill estimates of NKI abundance.
While the Irons et al. (1988) survey was closer in time to the oil spill, it was boatbased, whereas the Dean et al. (2000) and Pitcher (1975) surveys were both aerialbased; consequently, we suggest both surveys should be used as the best-available estimates of the pre-spill NKI subpopulation (58 and 105). Obviously, using an incorrect baseline (in the Dean et al. [2000] case, a value that exceeds these bestavailable estimates by a factor of 2.25x--4.0x) significantly compromises the ability to reliably assess recovery. Moreover, the Dean et al. (2000) baseline value of 237 may even exceed the carrying capacity of the area, in which case recovery could never be attained, and the sea otters would be incorrectly assessed as having been permanently impacted by the oil spill.
Beyond the initial baseline issue is the response of the NKI subpopulation since the spill (Figure 5 ). The relatively constant numbers during the period of 1993-2001 have often been used to indicate a lack of population growth during the time when the overall western PWS population was growing. However, the more complete data (Bodkin et al. 2011; Garshelis et al. 2013b ) indicate a quite different picture: In the first case, concluding that there should have been three more sea otters each year during that selected 8-yr period is problematic considering the range of inter-annual variability (as illustrated in Figure 5 ). Second, immediately after this selected period, something happened to cause a major reduction in the NKI subpopulation, in which the numbers in 2001 were reduced by half in 2002. However, the NKI subpopulation subsequently increased rapidly, so that by the final date for which data are available (2009), it had tripled, reaching 116 (a value that was more than quadrupled from its lowest point in 2003). The same precipitous decline in numbers was seen in the larger western PWS population between 2001 and 2003, followed by rapid growth ( Figure 5 ). Clearly, there is no plausible way to link this Sound-wide pattern causally to SSOR, so some other stressor(s) must have been involved.
Ecological recovery of sea otters from the Exxon Valdez oil spill
The conclusions that there was delayed recovery or that long-term effects persist at the northern Knight Island subpopulation (Dean et al. 2000; Bodkin et al. 2002 Bodkin et al. , 2012 Trustees 2010 ) rely on various combinations of these flawed considerations that derive from misunderstanding or misapplying several crucial ecological risk concepts: (a) an incorrect pre-spill estimate based on using significantly different spatial areas for the surveys before and after the spill; (b) an incorrect pre-spill estimate based on estimates of sea otter casualties from exposure to oiling over a larger area than the immediate vicinity of NKI; (c) pre-and post-spill comparisons made on a subpopulation constituting only about 3% of the western PWS population; (d) essentially flat numbers (∼75) of the NKI subpopulation over an 8-yr period (see estimates in Figure 5 for NKI during 1993-2001) compared to having a net gain of just three additional sea otters each year, a difference lost in the inter-annual variability of that period and a difference easily explained by other factors; (e) focusing only on a selected period of time (1993) (1994) (1995) (1996) (1997) (1998) (1999) (2000) (2001) , whereas a quite different dynamic emerges in the total post-spill record (see estimates in Figure 5 for NKI and the overall western PWS during [2002] [2003] [2004] [2005] [2006] [2007] [2008] [2009] ) that is clearly not attributable to EVOS and that demonstrates much larger-scale forces at play on the sea otter population; (f) recovery objectives based on an overly simplistic interpretation of ecological Pitcher (1975) ; and 58 derived by Garshelis and Johnson (2013b) from the data collected in the 1983-1984 boat-based surveys by Irons et al. (1988) . (Color figure available online.)
resilience, while ignoring the other anthropogenic and natural forces acting on sea otters and the PWS ecosystem before and after the oil spill, particularly the PWS sea otter population's ongoing return from complete extirpation several decades previously and the subsequent climate regime shifts that have cascaded throughout the PWS ecosystem; (g) recovery objectives based on a single biochemical marker of exposure, contrary to the NRDA definition of recovery, and focused specifically on a biochemical endpoint that responds to many chemicals occurring in PWS and thus is not diagnostic of petrogenic PAHs. There are alternative plausible explanations for the observed post-spill dynamics of sea otters at NKI and more broadly throughout PWS. The most plausible and compelling is that supported by our ecological risk assessments and analysis of attributable risks: The NKI subpopulation essentially recovered its pre-spill numbers by the time of the first post-spill survey in 1991, and fluctuations since then are natural variability independent of EVOS. All but one of the stressors caused by EVOS were essentially gone within the first months to few years after the event, and the residual PAH stressors have continued to diminish in the intervening two decades to a point where the remaining risks are exceedingly small. Meanwhile, natural variability continues unabated, but the sea otters of Prince William Sound have long since fully recovered from the Exxon Valdez oil spill. 
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